Introduction {#Sec1}
============

In technological practice, removal of nitrogen is most often accomplished using autotrophic nitrification followed by heterotrophic denitrification. For the removal of nitrogen, reactors containing activated sludge, biofilm, or granular sludge are employed. The latter type of biomass structure possesses many desirable properties such as short sedimentation time, high microorganism concentration, good solid--liquid separation, and resistance to high concentrations of organic and toxic compounds (Liu and Tay [@CR18]). From an engineering perspective, the installations employing technologies based on aerobic granular sludge require a smaller surface area and clarifier dimensions, shorter standstill for settling, and a longer time for the biological removal of pollutants. The self-immobilization that takes place during granule formation prevents slowly growing bacteria, e.g., nitrifiers, from being washed out from the system.

Supernatants from sludge digesters, landfill leachate, and industrial wastewater treated by anaerobic fermentation are characterized by a high ammonia concentration and a low organics-to-total nitrogen ratio (COD/N). These wastewater types are most often treated together with municipal wastewater introduced to the main stream of a technological system that degrades the C/N ratio in the influent, thus negatively affecting the removal of nitrogen (Head and Oleszkiewicz [@CR13]). It would be of considerable advantage to find a technological solution which allows for the efficient oxidation of nitrogen compounds in such a wastewater in a side stream of the plant.

The use of molecular techniques allows an insight to be gained into changes in microbial consortia involved in the removal of pollutants from wastewater in relation to environmental conditions (Gilbride et al. [@CR12]). Proper choice of primers and probes enables specific groups of microorganisms in biomass to be characterized. Data obtained using molecular tools allow shifts in species structure or number of bacteria to be observed and correlate these with the technological parameters of the process. The effective processing of wastewater characterized by the high ammonia concentration depends on the key organisms for nitrification that are ammonia-oxidizing bacteria (AOB). Understanding the ecology of AOB can improve the treatment performance and control mechanisms. Therefore, the variation in the AOB community in aerobic granules during the experiment was monitored using polymerase chain reaction--denaturing gradient gel electrophoresis (PCR--DGGE), molecular cloning, and real-time PCR.

Aerobic granular sludge technology is at the moment mainly investigated in laboratory conditions, and only a few full-scale reactors operate in the world. In order to enable swift transition from laboratory to full-scale systems for the removal of nitrogen, it is necessary to understand the fundamentals of nitrogen conversions and microbial population dynamics in aerobic granules. Since most of the experiments with granular sludge are carried out in column reactors with reactor height/diameter ratio (*h*/*d*) ≥10 (Beun et al. [@CR6]; Toh et al. [@CR31]), it is also important to assess the possibilities of adaptation of already existing reactors with typical geometry for this process.

In the present research, the nitrogen and carbon conversions and changes in the AOB community were investigated in granular biomass cultivated in a sequencing batch reactor (SBR) with *h*/*d* of 2.1 at a low COD/N ratio in the influent.

Materials and methods {#Sec2}
=====================

**SBR operation** The experiment was carried out for 85 days in an SBR with a working volume of 5.0 L and *h*/*d* of 2.1. As a seed biomass, granular sludge adapted to removal of organic carbon was used (Cydzik-Kwiatkowska et al. [@CR8]). The temperature in the experimental room was ambient (18--21°C), and the pH of the reactor was kept between 7 and 8. The reactor was aerated at a rate of 8 L/min, resulting in a superficial upflow air velocity of 6 mm/s. The SBR operated in a 12-h cycle, with the following operating strategy: filling (5 min), aeration (705 min), settling (5 min), decantation (5 min). The synthetic wastewater was prepared according to Coelho et al. ([@CR7]; modified). As an organic carbon source, sodium acetate was added to the wastewater to a final concentration of about 300 ± 60 mg COD/L that resulted in an organic loading rate (OLR) of 0.45 kg COD m^−3^ day^−1^. A wastewater exchange ratio of 75% was employed.In the first cycle of the experiment, 50 mL of AMNITE NS500 (Wirexim Biotechnologie, Poland), heterologous mixture of AOB with *Nitrosomonas europaea* as a dominant species, was added to the reactor. During the first 95 cycles, NH~4~^+^--N concentration in the influent was maintained at the level of 162 ± 12 mg/L that resulted in a COD/N ratio of ≈2. After reaching stable nitrification detected as a constant (±5%) effluent substrate concentration (Jin et al. [@CR14]) in cycle 96, ammonia concentration in the influent was doubled and kept at the level of 292 ± 12 mg/L (influent COD/N = 1). In order to keep the alkalinity, the theoretical NaHCO~3~ requirement for nitrification was added to wastewater. Total suspended solids (TSS) concentration averaged 1.6 ± 0.12 g TSS/L, volatile suspended solids (VSS) = 0.53 TSS. Sludge volume index was measured after 5 min of sedimentation (SVI~5~). Analytical measurements were performed according to APHA ([@CR4]). Sludge retention time (SRT) and biomass production, expressed as the observed coefficient of biomass production (*Y*~obs~), were calculated according to Klimiuk and Kulikowska ([@CR16]).In order to determine kinetic parameters, in the 162th and 168th cycles, wastewater samples were taken every 1--3 h during the SBR cycle to follow the COD and nitrogen compound concentration changes in the reactor. The average values from the two cycles were used for calculations. All constants of reaction rates were determined based on the experimental data by non-linear regression with the use of Statistica 7 (StatSoft, USA). The *r* values were divided by VSS and expressed per unit of biomass. Granulation was documented using a digital camera (*Canon* G5; resolution, 5 Mpx). The average diameter of the granules was measured in the photographs as a circle-equivalent diameter of 100 granules randomly obtained from the reactor in the 140th cycle.

**PCR--DGGE** DNA was extracted in duplicate from approximately 400 mg of centrifuged sludge sample using a FastDNA® SPIN®Kit (Q-BIOgene, Canada). PCRs were performed in an *Eppendorf*® Mastercycler Gradient (Eppendorf, Germany). Primer sequences and annealing temperatures are shown in Table [1](#Tab1){ref-type="table"}. For *amoA*, amplification nested PCR was applied. The primary PCR mixture contained 1.7 ng/μL of extracted DNA, 0.5 μmol/L of primers 301F/302R, 100 μmol/L of deoxynucleoside triphosphate mixture (Promega, USA), 1.5 U of GoTaq® DNA Polymerase (Promega), 6 μL of 10× reaction buffer supplied with polymerase, 1.5 mmol/L MgCl~2~, and sterile water to a final volume of 30 μL. In the second PCR, the same mixture was applied except for 0.2 μL of PCR product from the primary amplification as a template and primers amoA-1F/amoA-2R. The PCR amplifications were carried out using the following program: 95°C for 5 min, 35 cycles (primary amplification) or 25 (secondary amplification) of denaturation at 94°C for 30 s, annealing for 45 s, extension at 72°C for 1 min, and a final elongation at 72°C for 5 min. The presence of PCR products was confirmed by analyzing 5 μL of the product on a 0.8% agarose gel stained with ethidium bromide. Table 1PCR primers usedTechniquePrimerNucleotide sequence 5′→3′Annealing temperature (°C)Amplicon/PCR product length (bp)ReferencePCR--DGGE301Fgactgggacttctggctggactggaa52*amoA* (≈670)Norton et al. ([@CR24])302RtttgatcccctctggaaagccttcttcamoA-2Rcccctctgcaaagccttcttc62*amoA* (≈490)Rotthauwe et al. ([@CR26]) (modified by Nicolaisen and Ramsing [@CR23])amoA-1Ftttctactggtggt^a^Real-time PCRamoA1Fggggtttctactggtggt60*amoA* (≈490)Rotthauwe et al. ([@CR26])amoA2Rcccctc(gt)g(cg)aaagccttcttc519fcagcmgccgcggtaanwc5016S rDNA (≈407)Lane ([@CR17])907rccgtcaattcmtttragtt^a^cgc cgc gcg gcg ggc ggg gcg ggg gcg gggThe DGGE procedure was performed according to Cydzik-Kwiatkowska et al. ([@CR9]). Representatives of *amoA* gene amplicons that were clear and had a high intensity were excised from the DGGE gel, re-amplified, and sequenced in the Institute of Biochemistry and Biophysics, Polish Academy of Science ([www.oligo.ibb.waw.pl](http://www.oligo.ibb.waw.pl)). The determined nucleotide sequences were compared with sequences in the GenBank using the BLASTn program (Altschul et al. [@CR2]), deposited in the GenBank under accession no. HQ315545--HQ315552 and aligned using Clustal W (<http://www.ebi.ac.uk/Tools/clustalw2/index.html>). On the basis of the alignment, the tree of the percentage sequence similarity with the sequences of AOB retrieved with the BLASTn tool in the NCBI database was constructed using the JalView program (Waterhouse et al. [@CR35]).

**Real-time PCR** Quantification of the *amoA* gene was performed in a reaction mixture that contained template DNA (1 ng/μL), 12.5 μL of Power SYBR® Green PCR Master Mix (Applied Biosystems, USA), 50 nmol/L of each primer (Table [1](#Tab1){ref-type="table"}), 25 nmol/L of KCl, and water to a final volume of 25 μL. The protocol for *amoA* quantification was as follows: 2 min at 50°C, 10 min at 95°C, and 40 cycles consisting of 30 s at 95°C and 1 min at 60°C. The reaction mixture for 16S rDNA amplification was as for *amoA* gene analysis; however, primer (519f/907r) concentration was 100 nmol/L, and no KCl was added. The protocol for bacterial 16S rDNA quantification was as follows: 2 min at 50°C, 10 min at 95°C, and 40 cycles consisting of 15 s at 95°C, 1 min at 50°C, and 1 min at 60°C. Each sample was amplified in triplicate in the presence of negative and positive controls. The amplification was followed by a denaturation step to confirm the melting temperature of the PCR products; the products were also electrophoresed in the presence of a molecular marker. Reactions were carried out in a 7500 Real-Time PCR System using MicroAmp optical tubes and caps (Applied Biosystems). The fluorescence signal was normalized by dividing the SYBR dye emission by the reference dye (ROX) signal intensity. The threshold was defined as 10× standard deviation of the average intensity of background fluorescence in negative controls. Data were analyzed with a Sequence Detection Software, ver. 1.3 (Applied Biosystems). For calculations, it was assumed that the average number of 16S rDNA gene copies in a bacterial genome is 7 and that the average number of *amoA* gene copies in an AOB genome is 2.5 (Okano et al. [@CR25]). Results were expressed as the number of bacteria cells per reaction tube (Suzuki et al. [@CR28]).

**Standard curves for amoA and bacterial 16S rDNA quantification** Standard curves for *amoA* and bacterial 16S rDNA quantification was generated with serial dilutions of a linearized plasmid with an inserted *amoA* gene. Bacterial 16S rDNA was calibrated with genomic DNA extracted from *Escherichia coli* JM109 (Promega). Slopes of standard curves for *C*~T~ plotted against the logarithm of the number of gene copies and the corresponding determination coefficients were −3.9 (*R*^2^ = 0.996) and −3.48 (*R*^2^ = 0.966) for *amoA* and 16S rDNA quantification, respectively.

Results and discussion {#Sec3}
======================

In the experiment, as seed sludge, aerobic granules cultivated on organic carbon were used since this procedure provides a shortened start-up period. After the first 20 cycles of the experiment, SVI~5~ did not cross the value of 50 mL/g typical for granular sludge (Toh et al. [@CR31]). The average diameter of granules measured at the 140th cycle was 1.9 ± 1.7 mm. Granules had a compact and round-shaped structure with a clear outer shape (Fig. [1](#Fig1){ref-type="fig"}). Biomass concentration in the reactor during the experiment, independently on the COD/N ratio in wastewater, was at the level of 1.6 ± 0.12 g TSS/L. SRT was high and equaled 56 d; the TSS concentration in the effluent was very low and averaged 0.017 ± 3.5 mg TSS/L. Fig. 1Images of aerobic granules in the 140th cycle of the experiment (microscopic image)

The reactor geometry is of importance with regard to granular sludge formation since the high *h*/*d* ratio of the reactor ensures a longer trajectory of circular flow favoring aggregates shearing (Liu and Tay [@CR18]). The shear force resulting from hydrodynamic turbulence caused by an upflow aeration increases specific oxygen utilization rate, the hydrophobicity of cells and stimulates the production of polysaccharides that stabilize the granule structure (Tay et al. [@CR29]). Beun et al. ([@CR6]) have demonstrated that smooth granules are formed at a superficial gas velocity of 41 mm/s while other investigated velocities (14 and 20 mm/s) do not allow for stable granule formation. Tay et al. ([@CR29]) have reported that granules are not formed in the reactor with superficial air velocity of 3 mm/s.

In the present research, granular sludge was cultivated in the SBR of the typical shape with a *h*/*d* of 2.1 that resulted in the superficial air velocity of only 6 mm/s. McSwain Sturm and Irvine ([@CR21]) have shown that dissolved oxygen (DO) and substrate removal kinetics are more significant to granule formation than the shear force. At a high DO, biodegradable substrates disappear quickly which results in a long famine period in the SBR. The length of the SBR cycle in our research was 12 h, with feast period of ≈≈4 h (see Fig. [3b](#Fig3){ref-type="fig"}). During the remaining 8 h, a famine period lasted with the high DO concentration that promoted aerobic granulation.

OLR is one of the factors influencing the formation of aerobic granules. Tay et al. ([@CR30]) reported that it is difficult to form granules at OLR \<2 kg m^−3^ day^−1^ COD. Wang et al. ([@CR34]), however, managed to cultivate granules at an OLR of 1.05--1.68 kg m^−3^ day^−1^. COD in the present research wastewater composition entailed an OLR of only 0.45 kg m^−3^ day^−1^, and experimental results proved that the aerobic granulation was still possible even at such a low OLR.

During the experiment, the efficiency of the removal of COD was 80 ± 11%. At the beginning, the reactor was fed with synthetic wastewater containing ammonia at the level of about 150 mg/L (COD/N = 2) resulting in the nitrogen load of 0.15 ± 0.01 mg NH~4~^+^--N g TSS^−1^ day^−1^. From about the 20th cycle, the ammonia concentration in the effluent decreased to \<5 mg/L; simultaneously, oxidized forms of nitrogen appeared in the effluent reaching in cycle 95 about 60 and 90 mg/L of NO~3~--N and NO~2~--N, respectively (Fig. [2](#Fig2){ref-type="fig"}). Fig. 2Nitrogen compound concentration (milligrams per liter) in the influent (~inf~) and in the effluent (~eff~) in the course of the experiment (*n* cycle number); aerobic granule samples were collected in the cycles marked with *arrows*

In cycle 95, the ammonia concentration in the influent had doubled (COD/N = 1), and the nitrogen load increased to 0.3 ± 0.002 mg NH~4~^+^--N g TSS^−1^ day^−1^. After increasing the ammonia load, the nitrate--nitrogen concentration dropped to ≈50 mg/L, suggesting that nitrite oxidation diminished. Since cycle 140, the NO~2~^−^--N concentration increased to about 190 mg/L in parallel to the decrease in the ammonia level in the effluent to \<1 mg/L corresponding to ammonia removal efficiency of over 99% (Fig. [2](#Fig2){ref-type="fig"}). In the final stage of the experiment, the prevailing oxidized form of nitrogen (83% of NO~x~) was nitrite.

Ammonia removal in the reactor followed 0-order kinetics, and the specific ammonia nitrogen removal rate of granules was very high, reaching 24.6 mg g VSS^−1^ h^−1^ (Fig. [3a](#Fig3){ref-type="fig"}). Nitrification rate, calculated as the increase in nitrites and nitrates (NO~x~), was expressed by 0-order kinetics and reached 14.3 mg NO~x~ g VSS^−1^ h^−1^ (Fig. [3c](#Fig3){ref-type="fig"}). The removal rate of ammonia nitrogen by aerobic granules obtained in the present research shows that this kind of biomass possesses very good ammonia oxidation capacity. Fig. 3Ammonia (**a**), average organics (**b**), oxidized nitrogen form (**c**), and dissolved oxygen (**d**) concentrations (all in milligrams per liter) in the reactor in the 162th and 168th cycle; determination coefficient (*R*^2^), constant rate (*k*), and initial rate (*r*) were calculated from 0- or the 1st-order kinetics; *squares* experimental data, *full lines* calculated values (**a**, **c** 0-order kinetics, **b** 1st-order kinetics)

Nitrite is accumulated under certain conditions which promote ammonia oxidation rate to a point when it exceeds the rate of nitrite oxidation. This is known to result from a number of factors including free ammonia and DO concentration, temperature, or pH (Schmidt et al. [@CR27]). Since temperature and pH were controlled in the reactor during the whole experiment, these factors can be excluded. Published data indicate that low oxygen levels result in higher growth yields of AOB while the growth yields of nitrite-oxidizing bacteria (NOB) are unchanged (Tokutomi [@CR32]). In the SBR cycle, DO concentration did not drop below 0.45 mg/L independently on ammonia load; in fact, for most of the time, it was at the level of 3 mg/L (Fig. [3d](#Fig3){ref-type="fig"}). This suggests that oxygen concentration was not the main factor limiting phase II of nitrification. The fact that nitrite concentration significantly increased in the total amount of NO~x~ in the effluent after increasing ammonia load suggests that an inhibition by free ammonia (FA) was the main reason for the changes in the ammonia and nitrite oxidation rates in granular sludge. The calculation of FA concentration performed as described by Ford et al. ([@CR11]) indicates that at the higher ammonia load at the beginning of aeration phase, FA equaled 9.6 mg NH~4~^+^--N/L. According to the published data, the FA inhibition threshold is 10--150 mg NH~4~^+^--N/L and 0.1--4.0 mg NH~4~^+^--N/L for *Nitrosomonas* in phase I and *Nitrobacter* in phase II of nitrification, respectively (Anthonisen et al. [@CR3]; Bae et al. [@CR5]). FA concentration observed in the experiment is higher than the inhibition threshold for *Nitrobacter* and lower than the FA inhibition threshold for *Nitrosomonas* that reasonably explains the nitrite accumulation in the effluent.

The low OLR and the long cycle time applied in the experiment negatively influenced the granular sludge production, expressed by biomass yield coefficient (*Y*~obs~), because of low organic carbon availability during the cycle. In the experiment, an average value of *Y*~obs~ for OLR of 0.45 kg COD m^−3^ day^−1^ was 0.037 g VSS/g COD and was in accordance with the value expected from the linear relationship between *Y*~obs~ and OLR reported by Liu and Tay ([@CR20]). A high DO is, on the other hand, related to a lower sludge production resulting from an increased biomass decay rate (Abbassi et al. [@CR1]). Consistently, during most of the SBR cycle, DO concentration was at the level of 3 mg/L (Fig. [3d](#Fig3){ref-type="fig"}), and this fact additionally contributed to the low granule production in the system. Our results point out that the presence of sludge as granules does not guarantee a high biomass concentration in the reactor.

Denitrification in biomass is advantageous not only because it removes nitrogen from wastewater, but also because it improves aerobic granule formation (Wan and Sperandino [@CR33]). At the very low production of aerobic granules and ammonia usage for biomass synthesis, the nitrogen balance shows that NO~x~ forms were denitrified despite constant aeration of the reactor. The average denitrification efficiency in the first part of the experiment (COD/N = 2) was 11.7 ± 6%, and after increasing the COD/N ratio in the influent to 1, it amounted to 22.7 ± 9.8%. In the interior of the granules, oxygen diffusion is limited, and anoxic or even anaerobic conditions may appear. According to the study on the relationship between size and mass transfer resistance conducted by Liu et al. ([@CR19]), diffusion would be a limiting factor in aerobic granules with a mean size larger than 700 μm. Therefore, an average granule diameter of 1.9 ± 1.7 mm observed in the experiment enabled oxidized nitrogen form reduction in the central parts of granules.

The PCR--DGGE pattern obtained for biomass samples collected during the experiment showed that AOB communities in aerobic granules remained stable throughout the experiment. At an ammonia load of 0.15 ± 0.01 mg NH~4~^+^--N g TSS^−1^ day^−1^ (COD/N = 2), the number of amplicons in DGGE pattern equaled 10 (Fig. [4](#Fig4){ref-type="fig"}). Most of the labeled amplicons were sequenced; however, only the members of the *Nitrosospira* genus were identified (Fig. [5](#Fig5){ref-type="fig"}), despite seeding granules with a heterologous mixture of AOB--AMNITE NS500, containing *N. europaea* as a dominant species. Nevertheless, natural and low ammonia environments usually harbor *Nitrosospira* ssp. (Mobarry et al. [@CR22]). The fact that *Nitrosospira*-like bacteria formed the AOB community in granules strongly indicates that the indigenous AOB species were better adapted to substrate conditions in the reactor and colonized granules instead of the microorganisms from the AMNITE NS500 mixture. Fig. 4PCR--DGGE analysis of the *amoA* gene in activated sludge samples. *Lane labels* represent the cycle when the sampling was performed; amplicons in the gel are denoted by *capital letters*; the gel was stained with the SYBRgold fluorescent stain (*Molecular Probes*, USA)Fig. 5The tree of the percentage sequences similarity based on partial sequences of *amoA* amplicons from granule samples reconstructed by the neighbor-joining method using JalView program (Waterhouse et al. [@CR35]). Amplicons excised from DGGE gel are labeled with *capital letters*; nucleotide sequence database (*GenBank*) *accession numbers* are shown in *parentheses*

Increasing the ammonia load in wastewater to 0.3 ± 0.002 mg NH~4~^+^--N g TSS^−1^ day^−1^ (COD/N = 1) influenced the diversity of the AOB community, and three additional amplicons appeared in DGGE pattern: A, L, and G (Fig. [4](#Fig4){ref-type="fig"}). Sequencing of amplicons A and L proved that the first microorganism clustered with *Nitrosomonas* sp. 107 and *Nitrosococcus oceani* (band A), and the second one was a bacterium from the *Nitrosospira* genus (band L). It can be concluded that, at the ammonia load of 0.3 ± 0.002 mg NH~4~^+^--N g TSS^−1^ day^−1^ in the AOB population, members of the *Nitrosospira* and *Nitrosomonas* genera coexisted in the granules that provided a high AOB species diversity, advantageous for the stability of wastewater treatment (Daims et al. [@CR10]). Since the predominant AOB in ammonium-rich systems are members of the genus *Nitrosomonas* (Mobarry et al. [@CR22]), further increase in ammonia load in our experiment would have probably resulted in a gradual increase in the number of *Nitrosomonas*-like species in biomass and the prevalence of this genus in the AOB community. Our results confirm that the ammonia load in wastewater is one of the major factors influencing the composition of AOB species in aerobic granules.

DGGE analysis does not allow for the absolute quantification of the phylotypes in analyzed samples due to PCR biases. Even a very weak amplicon in the DGGE pattern may be the dominant species in the investigated biocenosis. That is why the quantification of bacterial groups in mixed microbial communities was performed by a real-time quantitative PCR in the present work. The total number of bacteria estimated on the basis of real-time PCR reaction with specific primers was similar during most of the experiment and oscillated around 7.5 × 10^5^ bacterial cells per reaction tube (Fig. [6](#Fig6){ref-type="fig"}). The seeding biomass did not possess nitrification activity. Introduction of wastewater with a COD/N of 2 caused that biomass started to gradually acclimate to ammonia oxidation. The AOB fraction in granular sludge increased from 0% to 0.55% in 27th cycle. During subsequent cycles, the participation of AOB in biomass formation further increased and reached 1.64% in cycle 83. Changes of COD/N ratio in the influent to 1 from the 96th cycle entailed further changes in the number of AOB occupying the granular sludge community. In samples taken at the 147th and 161st cycles, the total number of bacteria increased significantly to 1.9·10^5^ ± 7.8 × 10^4^ and 2.3 × 10^6^ ± 1.5 × 10^5^ bacterial cells per reaction tube, respectively. Simultaneously, an increase in the AOB number in granular sludge was observed suggesting that the increase in the number of bacteria in granular sludge was mainly due to the growth of AOB. The AOB fraction among total bacteria in the 123rd cycle increased to 4.1% and reached 38% at the end of the experiment. Fig. 6The number (*N* bacterial cells per reaction tube) of total (*gray columns*) and ammonia-oxidizing (*black columns*) bacteria in aerobic granule samples from different cycles (*n* cycle number) of the experiment and the percentage of ammonia-oxidizing bacteria (AOB; *circles*) calculated for each sample; *bars* standard deviations

Similar results, obtained, however, on the basis of the FISH technique, were published by Kim and Seo ([@CR15]). At the ammonia concentration in the reactor of 300 mg/L at the beginning of the aeration phase, the representation of AOB in granular sludge was 38.2%. There was a large difference observed between the abundance of *Nitrosomonas* and *Nitrosospira* species that occupied 32.8 ± 0.7% and 5.4 ± 0.1% of the total bacteria, respectively. In our experiment, the appearance of the amplicon denoted as A and corresponding to *Nitrosomonas* sp. was correlated with the rapid increase in the AOB percentage in biomass, suggesting that the species belonging to this genus dominated in the ammonia-oxidizing community at a higher ammonia load.

The percentage values of AOB in granular sludge at an ammonia load of 0.15 ± 0.01 mg NH~4~^+^--N g TSS^−1^ day^−1^ are rather low, suggesting that the figures can to some extent be affected by the limitations of real-time PCR when applied to heterogeneous populations, most often originating from the preferential amplification of particular sequences. The AOB participation in the total amount of bacteria in the final stage of the experiment was, however, very high (40%) and brings an evidence of the potential of aerobic granular sludge technology for stably maintaining slow-growing nitrifiers in the technological system.

In the experiment, granular sludge was cultivated in a reactor with typical dimensions, showing that it is feasible to adapt existing facilities to granule-based technology. Application of granular sludge for the treatment of wastewater with a low COD/N ratio allowed high COD and ammonia removal rates to be obtained. The dominating oxidized form of nitrogen was nitrite, and up to 20% of the oxidized nitrogen was denitrified. In granular biomass, very high percentage (up to 43%) of AOB can be obtained.
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